Abstract The European Water Framework Directive aims to improve ecological status within river basins. This requires knowledge of responses of aquatic assemblages to recovery processes that occur after measures have been taken to reduce major stressors. A systematic literature review comparatively assesses recovery measures across the four major water categories. The main drivers of degradation stem primarily from human population growth and increases in land use and water use changes. These drivers and pressures are the same in all four water categories: rivers, lakes, transitional and coastal waters. Few studies provide evidence of how ecological knowledge might enhance restoration success. Other major bottlenecks are the lack of data, effects mostly occur only in short-term and at local scale, the organism group(s) selected to assess recovery does not always provide the most appropriate response, the time lags of recovery are highly variable, and most restoration projects incorporate restoration of abiotic conditions and do not include abiotic extremes and biological processes. Restoration ecology is just emerging as a field in aquatic ecology and is a site, time and organism group-specific activity. It is therefore difficult to generalise. Despite the many studies only few provide evidence of how ecological knowledge might enhance restoration success.
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Introduction
Human population growth in Europe has led to industrialisation, agricultural intensification and urbanisation, which in turn have produced a large number of environmental pressures that impact the aquatic environment. Human-induced pressures (often also referred to as stressors) typically alter the environment in many ways. For example, 'urbanisation' affects water quantity and quality, discharge and thermal regimes, habitat availability and degradation, longitudinal connectivity, dispersal and establishment of invasive species (Paul & Meyer, 2001; Allan, 2004; Lotze, 2010; Stelzenmüller et al., 2010; Atkins et al., 2011) . Furthermore, pressures from several sources often coincide and impose multiple stresses on aquatic ecosystems (Adams, 2005; Crain et al., 2008; Ormerod et al., 2010) . As such, it is of value to separate the stressors into exogenic unmanaged pressures and endogenic managed pressures (Elliott, 2011) . The former are those pressures over which local management has no control over their causes but which must respond to their consequences, such as climate change and isostatic rebound. Endogenic managed pressures are those operating inside the system to be managed and over which management can address the causes and consequences. The latter in turn can be separated into those which put materials into the system, for example waste water discharges, sediment erosion, alien and introduced species, infrastructure such as weirs and bridges and those which remove materials such as fishing, sediment, space and water.
In a natural state, aquatic ecosystems are largely controlled by geomorphic and physiographic factors such as geology, geomorphology and hydrology. Centuries of land use has, however, altered the geomorphology and hydrology of many aquatic systems (Solimini et al., 2006) . These processes have resulted in altered connectivity, such as upstreamdownstream, stream-riparian zone and land-coastal interactions (Boyes & Allen, 2007; Zaldivar et al., 2008; Dallas & Barnard, 2011) . The processes affecting aquatic ecosystems operate at spatial scales, ranging from the regional (landscape) to the local (site) scale. Disentangling scale-related effects on aquatic ecosystems has proven difficult, although a number of variance partitioning studies have tried to elucidate local versus regional effects (e.g. Johnson et al., 2004; Kernan et al., 2009) , and, indeed, understanding the scale-related interactions within entire catchments is fundamental for sound water management (Frissell et al., 1986; Allan & Johnson, 1997; Johnson et al., 2007) .
There is a growing awareness that aquatic ecosystems nested in terrestrial environments are intrinsically connected with catchment land use/cover; nevertheless, restoration studies have largely ignored the impacts of pressures operating beyond the local scale and have focused mainly on the quantification and management of single pressures. Moreover, although there is consensus on the importance of restoration (e.g. Ormerod, 2003; Palmer, 2009) , the effectiveness of management measures and understanding of factors confounding organism responses are largely lacking as a result of the traditional focus of restoration studies.
The Water Framework Directive (WFD; European Commission, 2000), Directive 2000/60/EC, was adopted in 2000 as a single piece of legislation covering groundwater and the four surface water categories: rivers, lakes, transitional (estuarine) and coastal waters. The WFD introduced several concepts to unify water management all over Europe. The WFD recognised the use of typology for partitioning natural variability and for establishing type-specific biological reference conditions. Ecological status represents the quality of the structure and functioning of aquatic ecosystems, according to normative definitions of the biological community associated with the High, Good, Moderate, Poor and Bad status classes. Member States are required to implement Programmes of Measures (POMs) in order that all surface water bodies achieve at least Good Ecological Status (GES), by 2015 or within a prescribed time table. The status of the biological community is measured in metric values for Biological Quality Elements (BQEs) that are compared to the values for the reference condition. The values are standardised and termed Ecological Quality Ratio (EQR). The division of the value range of an EQR into classes provides the mechanism for categorising the ecological status (Furse et al., 2006) .
The WFD aims to expand the traditional approach to environmental management by combining a catchment-scale understanding across a range of aquatic ecosystems to improve ecological status within entire river basins . This requires an assessment of the ecological responses of aquatic assemblages to major (multiple) stressors, such as eutrophication, hydromorphological change and acidification, and their interactions within and across lakes, rivers and transitional (e.g. estuaries and lagoons) and coastal waters (EU, 2000) .
The European WISER project (Water bodies in Europe: Integrative Systems to assess Ecological status and Recovery: www.wiser.eu; see also Hering et al., 2012) aimed at gathering the knowledge required to support catchment-wide integrated river basin management (RBM). Understanding important causeeffect relationships, i.e. the relationships between the causes of environmental status change and their effect (impact) on the aquatic environment and biota is an important part of RBM planning. Furthermore, this requirement applies to both cause-effect relationships of degradation as well as recovery after restoration. This requires knowledge on driver-pressure-stateimpact-response-recovery chains (i.e. the DPSIR framework according to European Environment Agency (1995) and Smeets and Weterings (1999) ); expanded by a Recovery element in WISER to the DPSIRR framework by Feld et al. (2011) across rivers, lakes and estuarine and coastal waters and their different taxa groups. Feld et al. (2011) differentiated between Response as the response of the abiotic conditions to the Impact (often restoration measures) and Recovery as the success of the indicators to the Impact and environmental Response.
The DPSIRR framework illustrates the conceptual chain of causal links, starting with 'driving forces' (e.g. economic growth, human demand for food) through 'pressures' (emissions, waste disposal) to 'states' (physical habitat, chemical status) and 'impacts' on ecosystems, human health and functions, eliciting political and societal 'responses' (waste and waste water treatment, environmental regulations) that will, it is hoped, result in biological 'recovery' (improvement of ecological functions and processes, recolonisation). More recently, the DPSIR philosophy described above has been modified such that S implies State change (changes in the natural system) and the Impact refers only to those consequences for the human system (Atkins et al., 2011) . It is of note that in a recent EU project, KNOWSEAS, the I has been replaced by W for welfare thus emphasising the human dimension (Laurence Mee, pers. comm.) . Although a few case studies exist for which the DPSIRR chain can be described for specific ecosystems and pressures, to date, no comprehensive assessment across rivers, lakes, estuarine and coastal waters and considering all organism groups included in the WFD (fish, macrophytes, microalgae, and macroinvertebrates) has been conducted. Instead, the DPSIRR chain is commonly reported for the driver-pressure-stateimpact (the 'degradation chain') or the responserecovery ('restoration chain') relationships. Although the 'degradation chain' is well described for major pressures, such as eutrophication (Zaldivar et al., 2008; Nixon, 2009) , acidification (Schindler, 1988; Driscoll et al., 2001) , hydromorphological degradation (CIS, 2006) and oxygen depletion (Diaz & Rosenberg, 2008; Rabalais et al., 2010; Zhang et al., 2010) , empirical analysis of the different parts of the 'recovery'-chain is rarely achieved, despite consensus of its importance (e.g. Ormerod, 2003; Palmer et al., 2005; Elliott et al., 2007; Borja et al., 2010; Feld et al., 2011) .
We conducted a systematic literature review to comparatively assess recovery measures, effectiveness, successes and failures, underlying processes, confounding factors and organism group responses across rivers, lakes, estuaries and coastal waters. Metadata were extracted from available publications to: (1) identify the main pressure scenarios, management measures, recovery time scales and knowledge gaps associated with each ecosystem; (2) identify common pressures resulting in shifting ecological baselines and thresholds and (3) identify processes and interactions that may confound or delay the recovery process.
Methods
For the comparison of restoration and recovery among and across water categories and organism groups, a number of parameters were extracted from the literature using ISI Web of Knowledge, SCOPUS and Google Scholar. Key items in the literature searches were: water category (river, lake, transitional/estuarine and coastal water), stressor (eutrophication, acidification, hydromorphological change, global/climate/land use change), recovery (restoration, rehabilitation, habitat or trajectory improvement, long-term effect), organism group (algae/phytoplankton/diatoms, macrophyte, zooplankton, macroinvertebrate, fish) and method (before/after, control/impact, spacefor-time substitution, time series).
For each water category, a general review of all publications was combined with a more targeted review of a subset of publications. Meta-data were extracted from the subsets and used to prepare comparable data sets based on the extraction scheme in Table 1 . For rivers, 370 papers were reviewed, and 168 papers were analysed in more detail by Feld et al. (2011) . For eutrophication management in lakes, 364 peer reviewed publications representing 743 lake-equivalent recovery case studies (LECs) were reviewed (Spears et al., 2011 ) with a subset of 43 LECs from 30 peer reviewed publications being assessed in more detail. For recovery from acidification, 81 papers were reviewed including studies focusing on lakes, streams and datasets combining both. A more detailed review was undertaken on 30 of these focusing specifically on biological recovery. For estuarine and coastal waters the review of 51 studies by Borja et al. (2010) was the major information source. No distinction was made between overall and detailed selection of publications because of the large variety in pressures and studies. The information from the reviews was collated and used to provide metaassessments of the different restoration measures studied ( Fig. 1; Table 2 ), evaluation techniques used (Fig. 2) , targeted responses (Fig. 3) , organism groups examined (Fig. 4) and recovery periods observed. The results section summarises the main outcomes of the reviews structured according to the key concepts underpinning this assessment of ecosystem restoration and recovery across different water body types: 
Results
Conceptual models on 'restoration chains' across water categories Feld et al. (2011) applied the DPSIRR chain as a conceptual framework for their analysis of the effects of restoration on biological recovery of river systems as reported in the literature. Although these authors did not find empirical studies covering all parts of the DPSIRR chain, they argued that the framework allowed for a structured review and comparison of the findings reported in the literature. For instance, well-documented relationships between single components of the DPSIR framework may help inform practitioners about expected effects of restoration on recovery. Likewise, poorly documented linkages in the framework clearly point at knowledge gaps and may help identify important research needs. Similarly, Table 1 Extraction scheme according to which the meta-data were extracted from the subsets and used to prepare comparable data sets some applications of the DPSIR approach to marine waters have been undertaken recently (e.g. Elliott, 2002; Borja et al., 2006; Atkins et al., 2011) . For example, DPSIR analysis has been demonstrated as a useful approach for assessing the risk of failing to achieve WFD objectives in a case study in the Basque Country (Borja et al., 2006) . For lakes some provisional conceptual models on recovery were available with chain fragments mainly focussing on eutrophication. Elliott et al. (2007) indicated the response chain by describing the use of habitat creation schemes to allow recovery from physical modification of estuaries, for example by port expansion, in itself the reversal of hydrophysical modifications carried out in estuaries since 1700 (see also Lotze, 2010) .
Comparison of 'degradation chains' across water categories Globally, the magnitude and spatial extent of human alteration of land cover continues to increase (Turner et al., 1990 , Lambin et al., 1999 Lambin & Geist, 2006) . However, the control of primary (e.g. population Table 2 Estimates of the time required to reach 'full recovery' for rivers (Feld et al., 2011) , lakes (Spears et al., 2011) and estuarine and coastal waters growth) and secondary (e.g. agricultural practices, industrial, urban and rural development) drivers is often not the focus of specific water management programmes, although these programmes have to respond to those drivers even if they have no control over them. This is most likely due to socioeconomic interests at the national and catchment scales and due to the practical difficulties in assessing the impacts of regional and global scale drivers on local scale pressures and ecosystem impacts. More commonly, the literature suggests that the impacts of specific pressures were more often reported, such as atmospheric deposition, pollutant run-off, point source discharges, physical alteration, biomanipulation and the ingress of nonnative invasive species (Scott & Helfman, 2001; Pirrone et al., 2005; Palmer et al., 2010) . Aquatic ecosystems are often simultaneously affected by multiple pressures (Allan, 2004 , Withers & Haygarth, 2007 . For example, in freshwaters a decrease in pH and an increase in ammonium concentrations are associated with acid deposition, phosphorus and nitrogen commonly both increase as a result of fertiliser run-off (Hart et al., 2003) in siltation rate are associated with river canalisation (Meyer et al., 1999) . However, pressures are often water category-specific. In general, rivers integrate the adverse effects of various human activities and associated pressures within a catchment, with hydromorphological degradation predominating (Feld, 2004) , lake ecosystems are mainly affected by eutrophication and shoreline modification (at the global scale) and acidification (at the regional scale) (Søndergaard et al., 2007) , while estuaries and coastal waters comprise the ultimate sink for nutrients, contaminants and other sources of pollution originating from entire river basins (Cloern, 2001; Diaz & Rosenberg, 2008) and are being physically modified (e.g. Pollard & Hannan, 1994; van der Wal et al., 2002) . By contrast, the driver-pressures-stressor relations are comparable between different water categories ( Fig. 5) .
A notable finding of our study was the common hierarchy for all four water categories regarding scale of degradation from global and supra-regional scale of primary and secondary drivers from population growth and climate change, respectively. For example, at the catchment level, pressures such as land use, urbanisation and industrial development and run-off, alterations in riparian zones, longitudinal profiles and substance flows were often the main drivers again for all four water categories. Likewise, at the local scale (e.g. a single lake or river stretch), pressures and processes were similar to those found at the catchment scale, but organism composition differed. Commonalities among water categories imply that legislative decisions and management covering broad spatial scales will affect a wide range of water categories. Such measures tackle the problems at their core source. At the intermediate (catchment) level both source and effects-oriented measures, such as regional legislation and the creation of large buffer strips can be effective. Measures at this intermediate scale mostly deal with external pressures impacting the aquatic ecosystem. At the finest (local) scale effects-oriented measures are the most effective. Such measures are taken within the aquatic environment and are as such labelled internal measures, hence the importance of distinctions between exogenic unmanaged and endogenic managed pressures (Elliott, 2011) . Comparison of restoration measures across water categories Applying the conceptual framework to lakes revealed a major focus on the reduction of and recovery from eutrophication (e.g. Andersson, 1979; Schindler, 2006) . About 83% of the lake studies reviewed were concerned with this pressure and reported nutrient reduction as the main measure (Gulati & Van Donk, 2002; Jeppesen et al., 2005; Ibelings et al., 2007; Søndergaard et al., 2007) . Only 46 equivalent lake studies reported additional secondary measures (Fig. 2) . These 46 studies often related to biomanipulation (Gulati et al., 1990) and to the reduction of external and internal nutrient loads (Gulati et al., 2008) . For acidification, liming the lake water directly or increasing the buffering capacity of surrounding soils along with international agreements on decreasing emission of acidic N and S compounds are the most common forms of restoration (Henrikson & Brodin, 1995; Brouwer et al., 2002) . Most of the acidification recovery studies focusing on lakes were concerned with 'natural' recovery following reduced acid deposition (66%) (e.g. Gunn & Keller, 1990; Monteith et al., 2005) rather than liming (e.g. Blomqvist et al., 1995) . In contrast to lakes, river studies mainly focussed on three different kinds of restoration measures: habitat improvement, riparian buffer creation and weir removal. However, this may be an artefact of the study design in that the focus was on hydromorphology. Nevertheless, physical habitat-related improvements in rivers were most commonly reported, with explicit measures to enhance habitat (e.g. additions of wood and boulders) comprising nearly half of the reviewed studies (Roni & Quinn, 2001; Kail et al., 2007; Baillie et al., 2008; Feld et al., 2011) . Improvement of water quality using riparian buffer strips was primarily aimed at mitigating the adverse impacts of intensive agricultural land use adjacent to streams and rivers (Castelle et al., 1994; Parkyn et al., 2005; Davies-Colley et al., 2009) . Restoring the connectivity of large rivers was mainly used to improve migration potential between systems (Gregory et al., 2002; Doyle et al., 2005) . Finally, recovery was also, and in more detail, studied after natural catastrophic events like high flows (e.g. Fisher et al., 1982; Lamberti et al., 1991) .
For marine environments, measures rarely addressed direct effects on estuarine and coastal waters, but more often related to legislation on nutrient reduction in the major river basins . Stressors in the marine and estuarine environment are many and include hydromorphological and sediment barriers (e.g. dams), toxic chemical pollutants, excess nutrient inputs, hypoxia, turbidity, suspended sediments, introduced and alien species and over fishing (e.g. Russell et al., 1983; Hawkins et al., 1999; McLusky & Elliott, 2004; Crain et al., 2008) . Physical change, elevated nutrient levels and organic load are the most common pressures currently addressed in the reviewed literature, with restoration measures focusing on the removal of barriers, the restoration of water flow and salinity balance, the creation of habitats and the reduction of nutrient load .
All observations on measures implemented to date show that elevated nutrient levels are the main drivers affecting the biodiversity of lakes, and (in the shortterm) estuarine and coastal systems, while hydromorphological stress, affecting habitat availability, is more important in rivers and, in the long-term, estuarine waters (notably through land-claim and associated hydromorphological change). Regionally, the consequences of acidification of rivers and lakes in areas of poorly buffered soils and geology remain a concern. Another surprising outcome of the literature review was the paucity of information available on the importance of other stressors, despite a general consensus that secondary stressors can easily hamper full recovery. Furthermore, it became clear that land use strongly affected rivers, and as rivers transport nutrients to lakes, estuaries and coastal waters there is a direct link between all water categories. For example, the nutrient reduction in a river over 20 years led to an increase of water transparency and overall improvement of water quality in the lower part of the river, its estuary and coastal lagoons . That nutrient loads are not the main focus of many river or lake restoration schemes underlines the importance of multiple stressors and highlights a gap in best management practices, the need to address the connectivity and interactions among water categories situated at lower elevations (Spears et al., 2007 (Spears et al., , 2011 .
Similarly, the essence of estuarine functioning lies in the maintenance of connectivity and the satisfactory ecological functioning of the adjacent freshwater and marine areas across notable ecotones (Elliott & Whitfield, 2011; Whitfield et al., 2012; Basset et al., in press ). Hence, the maintenance and protection of connectivity is the dominant protection measure in estuaries and the restoration of systems from habitat loss becomes paramount. Restoration of permanent (e.g. land-claim) and temporary (e.g. water quality barriers) habitat loss therefore is detailed in many studies (e.g. Russell et al., 1983; Hawkins et al., 1999; Elliott et al., 2007) . The uses of habitat creation schemes, such as managed realignment/depolderisation, to compensate for the previous loss of wetlands due to industrialisation and agricultural use, and of water purification schemes, to allow recovery from hypoxia caused by organic enrichment, are thus proving successful in restoring damaged estuarine ecosystems (Elliott et al., 2007; Luisetti et al., 2011) .
Assessing data availability and statistical approaches across water categories and organism groups Substantially more monitoring data are available for rivers and lakes (e.g. Bernhardt et al., 2005) than estuarine and coastal waters (Borja et al., 2006) . However, despite the wealth of monitoring programmes focused on rehabilitating lotic systems, most studies are designed to address local conditions and single pressures. For example, Bernhardt et al. (2005) stated that of 37,000 river restoration projects in the United States, only 10% included some form of monitoring, and the authors argued that the information was often inadequate to evaluate successes and failures. Similarly, an overview of 16 European papers on river restoration by Reitberger et al. (2010) showed that none of the studies used time series analysis to monitor restoration. This emphasises the need for high quality monitoring data to properly evaluate the efficacy of restoration effort and to make generalisations and improvements which might increase the frequency of successes. Poor availability of data can be due to several reasons. Firstly, an overwhelming majority of restoration measures have not included monitoring, probably because there is no legal requirement. Secondly, when restoration measures are monitored, the methods and time scales applied are often inadequate considering knowledge of recovery time lags. Thirdly, most water authorities do not focus on long-term or whole-system ecological processes, but strive for rapid results, with little or no interest in properly evaluating the outcome. For example, in estuarine restoration studies, often as compensation schemes for port developments or coastal squeeze due to sea-level rise or isostatic rebound, it has been questioned whether the schemes are 'good for the ecology or good for the ecologist', i.e. while they have produced benefits for the ecology, for human safety (by allowing storage under storm surges) and for the economy (by reducing the need for elevated dykes), they have often been carried out 'where they can be rather than where they should be' (Elliott et al., 2007) . Fourthly, studying recovery processes seems to have been given low priority in science.
A Before-After Control-Impact Paired Series (BACI-PS) monitoring design is considered the best approach for monitoring recovery (Smith et al., 1993; Gray & Elliott, 2009) , as only this approach is capable of distinguishing the effects of restoration and separate them from other factors, such as seasonal or annual variability. Surprisingly, the BACI design is primarily applied to experimental studies (Fig. 3) , while restoration monitoring usually, at best, follows a BeforeAfter sampling design (Skilleter et al., 2006; Whomersley et al., 2007; Gee et al., 2010) . Long-term time series data, commonly available for lakes (e.g. Søndergaard et al., 2007; Johnson & Angeler, 2010; May & Spears, 2012a) are usually lacking for rivers and even more so for marine systems (Stein & Cadien, 2009; Borja et al., 2010) . For lakes, monitoring programmes typically do not encompass the preimpact period, both for eutrophication and acidification; although there are a few notable exceptions (e.g. Jeppesen et al., 2005; Maberly & Elliott, 2012; May & Spears, 2012a) . One way of assessing ecological degradation and recovery for lake ecosystems that have not been comprehensively monitored is through palaeoecology (Bennion et al., 2011) . Here, analysis of sub-fossil organisms remains in the sediment record can track species composition for various organism groups (e.g. diatoms, cladocera, macrophytes) over time identifying changes in assemblages before impact, during the degradation phase, and, following restoration efforts, during the recovery trajectory, the start of which often predates monitoring in many studies (Salgado et al., 2010; Dong et al., in press ). Only from monitoring of biological and environmental changes after restoration can new knowledge on recovery processes be gained and implemented. Indeed, this information provides the opportunity for practitioners and scientists to evaluate the success and efficacy of the restoration measures (May & Spears, 2012b) . Restoration monitoring requires a tailor-made sampling design (preferably a BACI design) that allows sound statistical analysis according to stateof-the-art methods. Furthermore, given that the science of monitoring change is now well-established and the criteria for successful and effective monitoring, such as the 18 features indicated by Elliott (2011) , and the detection of signal-to-noise relationships are well understood, then effective monitoring schemes can be devised and implemented.
Comparing time lines of recovery across water categories
In rivers, environmental improvement (a positive response) was reported in 33% of the restoration projects evaluated, with a positive biological response was reported in 50% of the projects. By contrast, for lakes restoration successes for both eutrophication and acidification were higher. For eutrophication, in total 66% of the restoration projects showed positive responses (reduction) for phosphorus and/or nitrogen and related environmental parameters, and 64% reported positive biological responses. Similarly, lake liming has been shown to be effective in restoring water chemistry to pre-disturbed conditions following acidification, and positive biological responses are frequently observed (Henrikson & Brodin, 1995) . However, some studies have shown that community changes following liming are not stable and that liming is suitable for partial remediation of acidification impacts rather than producing long-term ecosystem recovery (Angeler & Goedkoop, 2010) . Most studies reported some biological improvements following reductions in acid deposition but this still lags behind chemical recovery (Schindler, 2001; Stendera & Johnson, 2008a, b) and none suggest a return to assemblages found prior to the onset of acidification, where these can be inferred from the palaeolimnological record or using analogues (e.g. Kernan et al., 2010a) . For estuarine and coastal waters, most of the studies included in Borja et al. (2010) showed some sign of recovery. However, pre-disturbance data were often lacking, confounding evaluation of success. Some estuarine and coastal ecosystems did not fulfil the technical definition of being restored, instead reaching an alternative state . For example, Duarte et al. (2009) did not observe recovery of simple biological variables (such as chlorophyll a concentration) following the assumed reduction of nutrient loads in four wellstudied coastal ecosystems over two decades.
Successful restoration is hard to define as 'end points' and goals are often vaguely described and usually not defined in quantitative terms before the restoration commences (Elliott et al., 2007) . Despite this, for each of the water categories, studies were available that showed one or more indication(s) of restoration successes (Fig. 4) , although it is apparent from these studies is that ecological recovery takes time, can be delayed or even can fail (e.g. Lake, 2001; Bond & Lake, 2003; Spears et al., 2011) .
Recovery of different organism groups
Most restoration studies in rivers and in estuarine and coastal waters have focused on benthic invertebrates (Fig. 5) Feld et al., 2011; Borja et al., 2010) . This is expected given the value of using a sedentary component and also because of the basic understanding of the structure and dynamics of this taxonomic assemblage. In rivers, fish are also often used as indicators (Karr, 1981; Karr & Chu, 1999) and in estuaries, for example, perhaps the best known (and of highest public awareness) restoration case is the recovery of the fish community in the Thames Estuary (McLusky & Elliott, 2004) . In lakes, phytoplankton has been the focus of most eutrophication studies (Spears et al., 2011) , whereas zooplankton assemblages are often the focus of acidification research (Yan et al., 2003) . The highly dynamic nature and transient nature of estuarine plankton populations, together with the effects of natural physical characteristics such as turbidity, make them a less useful restoration focus (e.g. Gunn & Keller, 1990; Locke & Sprules, 1994) . In essence, their high variability confounds the signal-to-noise relationship in estuarine restoration studies. Differences in the selection of indicator group(s) used to track recovery are generally linked to putative pressures. In lakes, eutrophication is the most important pressure, and phytoplankton assemblages have been shown to reflect changes in nutrient status. In acid-sensitive regions diatoms are highly sensitive to changes in pH and have been used to highlight and monitor change in acidified and recovering lakes (Battarbee et al., 2008) . In rivers, most degradation is associated with hydromorphological change and in estuarine and coastal waters macroinvertebrates and fish respond strongly to these types of changes (e.g. Borja et al., 2009; Uriarte & Borja, 2009 ). The confounding factor in estuarine and coastal waters for phytoplankton is water movement, which reduces its indicative value.
Recovery time
Restoration and recovery ecology has often focussed on the meanings of the relevant terms and has produced relevant and applicable conceptual models giving the trajectories both of degradation and of recovery (e.g. see Elliott et al. (2007) for both the definitions and the models for estuarine and coastal waters). The term recovery implies that a system will return to a previous condition after being in a degraded or disrupted one, which is often interpreted as being in poor ecological health. This condition can be evaluated and communicated in different terms, depending upon the questions being asked. The studies can examine fundamental ecological processes; they can seek to examine community function, possibly in response to human activities or they can seek to inform questions on how various ecosystem services are affected by human and ecosystem interactions. Longterm studies of recovery in rivers, lakes and estuarine and coastal waters are scarce (Fig. 6) . One important question before comparing timespans of recovery between water categories is the definition of 'full recovery'. 'Full recovery' refers to an optimal functioning of the aquatic ecosystem under the given environmental circumstances that are not or only slightly changed by human activity. Literature for both riverine and marine systems addresses this issue, while for many lakes in lowland areas focus is more on a shift from turbid to clear water states. Monitoring for a large proportion of studies was \5-10 years (Fig. 5) , and only a few studies (one each) in rivers and estuarine and coastal waters extended [20 years.
Large discrepancies exist between the length of monitoring programmes and the time needed for the ecosystem to reach 'full recovery' and although most studies do not address 'full recovery', some estimates are available (Table 1) . Bednarek (2001) suggested recovery after weir removal may take as long as 80 years. Recovery after riparian buffer instalment may take at least 30-40 years (Jowett et al., 2009 ). In lakes, time for recovery from eutrophication varies from 10 to 20 years for macroinvertebrates, 2 to [ 40 years for macrophytes and 2 to [10 years for fish. Natural recovery from acidification takes much longer compared to recovery after liming, and like eutrophication, biological recovery is taxon-specific and often decades are needed to achieve pre-disturbed conditions. Estuarine and coastal waters have long periods of recovery ([10 years) , although macroinvertebrates have the potential to recover within months to \5 years (Bolam et al., 2006; (Hiddink et al., 2006; Stein & Cadien, 2009 ). Fish recover within 1-3 years (Able et al., 2008; Uriarte & Borja, 2009) , depending on the type and intensity of pressure. In general, after intense and large pressures, periods of 15-25 years for attainment of the original biotic composition, diversity and complete functioning may be needed in all four water categories (Jowett et al., 2009; Borja et al., 2010; Spears et al., 2011) . In both rivers and lakes the success rate of restoration measures appears to be much higher for the abiotic conditions than for the biotic indicators and this is particularly so for hydromorphological restoration and liming. Since eutrophication is also considered to be an important pressure in rivers and lakes, this might be a major factor hampering recovery. In lakes internal nutrient loading often delays recovery. For rivers the evidence for macroinvertebrate recovery following hydromorphological restoration is equivocal; some studies have shown recovery while other studies do not, possibly due to the nutrient levels remaining high (Bond & Lake, 2003) . Restoration of lakes by biomanipulation (in particular fish removal) and liming also showed only short-term recovery (e.g. Søndergaard et al., 2007) . Fish removal in shallow eutrophic lakes, has been shown to have short-term effects on lake water quality, transparency and chlorophyll a in many lakes in the Netherlands and Denmark. By contrast, long-term effects ([8-10 years) are less obvious and a return to turbid conditions often occurs unless fish removal is repeated (Søndergaard et al., 2007) . The same constraints apply to the mitigation of acidification by liming (Henrikson & Brodin, 1995) .
Recovery failure or delay
In most restoration projects measures are taken to reduce the primary stressor, but secondary stressors often confound recovery. Confounding factors such as water quality, with particular emphasis on nutrient enrichment (e.g. Pretty et al., 2003) , large scale hydrological change such as floods and droughts (e.g. Beechie et al., 2010) and catchment management/ land use practices (e.g. Larson et al., 2001; Levell & Chang, 2008) and multiple pressures (Schindler, 2006; Borja et al., 2006) , presence/absence of neighbouring source populations and dispersal barriers (e.g. Shields et al., 1995 Shields et al., , 2006 and project size (Feld et al., 2011) cause delays or failures in aquatic system recovery (Lake, 2001; Walsh et al., 2005; Jähnig et al., 2010) . Recovery has not necessarily failed, but the presence of secondary pressures may have pushed response times beyond those over which monitoring is typically performed (Bond & Lake, 2003) . Acidification (Blomqvist et al., 1993) , fisheries management (Carpenter & Kitchell, 1996) , industrial pollution (Borja et al., 2006) , non-native species (e.g. Manchester & Bullock, 2000; Matsuzaki et al., 2009 ) and climate change (Kernan et al., 2010a, b) were the main secondary pressures impacting de-eutrophication projects in aquatic systems (May & Carvalho, 2010) . In particular, internal P loading impedes recovery in many eutrophic lakes (Søndergaard et al., 2007) . Schindler (2006) reviewed a range of factors known to confound the recovery of lakes from eutrophication and stressed the need for better understanding of multiple pressures and identified the following secondary pressures as being of particular importance: (1) the aggravation of eutrophication by climate warming, (2) the overexploitation of piscivorous fishes and (3) changes in silica supply from the catchment as a result of climate change. A review of 81 papers from the peer reviewed literature included an examination of the factors hindering or preventing recovery from acidification. Most papers reported that chemical recovery had taken place following deposition reductions although there were exceptions. A lack of chemical recovery was ascribed to insufficient reduction of sulphur deposition, the effects of nitrogen deposition, soil acidification and increases dissolved organic carbon (one paper in each case) with two papers each highlighting the acid episodes and failure of liming measures. In many more cases limited or no biological recovery was reported. Abiotic constraints included the effects of nitrogen, acid episodes, toxic metals, UV, site characteristics, increases in DOC, climate change and calcium response. Biotic constraints were also highlighted including community closure, recolonisation, decoupled food-webs, functional shifts, within-species adaptation, absence of fish predation, stable simplified food-webs and competitive resistance. In estuarine and coastal waters recovery is often confounded by contaminants that can be released back into solution when they come in contact with toxic water (after reducing eutrophication or organic pollution), causing toxic effects in the biota (Calmano et al., 1993; Trannum et al., 2004; Borja et al., 2006) . Furthermore, ecosystem characteristics account for differences in the response of chlorophyll a to changing nitrogen conditions and can determine the outcome of restoration efforts in estuarine and coastal waters (Carstensen et al., 2011) .
Shifting baselines in recovery
Shifting baselines imply that the present state of the system is not an adequate reference with which to evaluate the effectiveness of restoration effort, as the future status of the ecosystem would differ from that at the present under a 'do nothing' scenario (Andersen et al., 2009 ). In our literature review, we found few references to shifting baselines or (quantified) thresholds (e.g. Ibelings et al., 2007) . Even in lakes, where these concepts originated, few studies specifically addressed response trajectories. One exception is the suggestion of Carstensen et al. (2011) that shifting baselines, result from global change, may explain the reported failure to restore eutrophic coastal ecosystems to their previous state following reduction of nutrient inputs as reported by Duarte et al. (2009) . Johnson & Angeler (2010) tracked recovery from acidification and included among-year variability of reference sites, while recent data from the UK Acid Waters Monitoring Network show how the recovery trajectories in some lakes are not tracking back towards the species communities found at the equivalent stage of the degradation phase but towards new assemblages not previously identified in the sediment record (Kernan et al., 2010a) .
In addition to the influence and confounding effects of moving baselines through climate change, there is the need to acknowledge that in any event the trajectories of degradation and recovery are seldom similar. These pathways may differ thus giving rise to the concept of hysteresis, as a type of memory in the system, in which the status reached after recovery from the removal of a stressor may differ from the original (pre-stressor) situation (Scheffer, 2001; Elliott et al., 2007; Borja et al., 2010) . The ability to recover from that stressor thus being termed resilience in the system and again the fundamental properties of recovery potential and resilience will depend on the nature of the communities available for recolonisation. For example, the ability of estuarine communities to withstand and recover from a stressor is greatly influenced by their high ability to withstand the natural stressors and high variability in transitional waters (Elliott & Whitfield, 2011) .
Effects of biological interactions on recovery
Although restoring the appropriate abiotic (physicochemical) habitat is still the main focus of many restoration efforts, there is a growing awareness that biological factors should be considered in freshwater restoration (Bond & Lake, 2003; Jansson et al., 2007) . Indeed, several, more or less connected, issues are often emphasised, such as incorporating:
(1) the spatial and temporal scale (i.e. maximum and minimum) of the habitat and the connectivity between the various habitat patches, including both abiotic and biotic components (e.g. Wiens, 2002; Lake et al., 2007; Palmer, 2009; Elliott & Whitfield, 2011) ; (2) knowledge of source populations and dispersal ability or constraints in predicting restoration outcome (Havel & Medley, 2006; Lotze et al., 2011) . However, few studies attempt to match this ecological background with empirical data, as was done by Blakely et al. (2006) . (3) mitigating measures to prevent non-native species to colonise and set priority effects (e.g. Schreiber et al., 2002; D'Antonio & Meyerson, 2002; van Riel et al., 2006) .
Impacts of climate/global change on recovery
Observed climate change over the last century is influencing aquatic ecosystems in many ways (e.g. Arnell, 1999; Räisänen et al., 2003) , affecting ecosystems directly as well as indirectly through societal and economic systems, such as agricultural practices and land use (EEA, 2004; Solomon et al., 2007) . In many cases, climate change is an additional stress factor (e.g. Straile et al., 2003) . The direct effects of climate change on ecosystems impact the performance of individuals at various stages in their life history cycle via changes in physiology, morphology and behaviour. Climate impacts also occur at the population level via changes in transport processes that influence dispersal and recruitment. Community-level effects are mediated by interacting species (e.g. predators, competitors), and include climate-driven changes in both the abundance and the per capita interaction strength of these species. The proximate ecological effects of climate change thus include shifts in the performance of individuals, the dynamics of populations and the structure of communities. Combined, these proximate effects lead to emergent patterns, such as changes in species distributions, biodiversity, productivity and microevolutionary processes (Harley et al., 2006; Thackeray et al., 2010) . Changes in species distributions and massive invasions by nonindigenous species and pathogens introduce an extra problem for recovery (e.g. priority effects, competitive displacement, food web changes or disease epidemics; Mack et al., 2000) . A range of management practices and extreme weather events (Gasith & Resh, 1999; Havens et al., 2001; Noges et al., 2010) were identified as key factors responsible for slowing down or counteracting recovery processes (Fisher et al., 1982; Jeppesen et al., 2005) . In contrast, the loss of dissolved nitrogen (N) through denitrification and biological uptake, leading to a switch from P-to N-limitation of primary production in summer/autumn, was identified as a potential recovery enhancing process due to warming in lakes (van Donk et al., 1993; Weyhenmeyer et al., 2008) . Alterations in nutrient concentrations and biogeochemical cycling at the sediment-water interface, following nutrient management, can influence the magnitude and timing of nutrient delivery to downstream ecosystems (Spears et al., 2011) . This phenomenon is likely to be highly sensitive to changes in local weather conditions associated with climate change (Spears et al., 2012) . As stable populations and intact communities appear to be more resilient to climatic disturbances, such protective measures may help to minimise the risk of population collapses, community disruption and biodiversity loss (Hughes et al., 2003) .
Concluding Comments and Summary
The main drivers of eutrophication, acidification and hydromorphological degradation in rivers, lakes, estuarine and coastal waters stem primarily from human population growth and increases in urbanisation (changes in flows of water run-off and of nutrients and other substances), industrialisation (air pollution/ acidification and flows of substances), land use (agricultural intensification affecting flows of water, landscape morphology and run-off of substances) and water use changes (e.g. drinking water, recreation). There is a common agreement that drivers and pressures in general are the same in lakes, rivers, estuarine and coastal waters. From the reviews here, it is, however, clear that eutrophication and acidification have received the most attention in lake studies, hydromorphological changes were the focus of river studies and recovery studies in estuarine and coastal marine waters were limited and diverse in drivers and pressures studied. A comparison of concepts and models used in both degradation and restoration studies clearly revealed that processes following restoration do not mirror those during degradation, i.e. the trajectories of degradation and recovery differ, will indicate hysteresis in the system and may result in a different overall status for a water body.
Although many studies provide theoretical frameworks, guidelines, research needs and issues that are important for aquatic ecosystem restoration, few provide evidence of how this ecological knowledge might enhance restoration success. Goals of restoration projects typically encompass many objectives (species groups, ecological, cultural and landscape values) and measures. Thus, at first, the evaluation of the response of a single factor to a single measure tends to be difficult (Roni et al., 2008) . Surprisingly, little information on secondary stressors is available, despite knowledge that other pressures can easily prevent or delay full recovery. Furthermore, knowledge on recovery processes with respect to changes in ecological processes, especially changes in food web relationships, competition, predator-prey relationships and so on, is lacking.
A second point and major bottleneck is the lack of sufficient data (Palmer et al., 2005) , preventing learning from both successful and unsuccessful restoration projects (Jansson et al., 2007; Elliott et al., 2007; Palmer, 2009) . Restoration measures are often costly although the costs are much less than if systems are left to degrade even more; however in increasingly open systems such as estuarine and coastal areas in contrast to more closed river and lake systems, active restoration is difficult and passive restoration is used, i.e. to remove the stressor and allow the system to recover with little further intervention (Elliott et al., 2007, and references therein) . Therefore, the basic requirements of future restoration endeavours and monitoring should include: (1) well-designed BACI-PS monitoring schemes, (2) monitoring over sufficient timescales, (3) quantified knowledge on thresholds and (4) welldefined objectives set at the outset for the restored condition. Furthermore, only a small fraction of the investment would be initially required to test the hypotheses defined initially and thereby, to establish a sound scientific and applicable basis for future restoration.
A third problem is related to effects that occur only in the short-term and at the local (site) scale; this raises the question of what scale is appropriate when designing restoration. Although empirical evidence is often lacking, several reviews supported the notion that the local scale is inappropriate to achieve longterm measurable improvements (e.g. Feld et al., 2011) . As indicated here, a whole-system approach is required rather than an individual, site-specific approach to restoration. This is particularly important in estuaries which are totally dependent for successful function on connectivity with adjacent systems (Elliott & Whitfield, 2011) .
A fourth point is that attention should focus on the indicative value of the organism group(s) selected to assess the different aspects of recovery. To date, most restoration studies in rivers and in estuarine and coastal ecosystems have focused on benthic invertebrate assemblages. In rivers, fish are also important indicators. In lakes phytoplankton is studied most extensively. The differences in indicator groups used, relates both to the primary causes of degradation and to their ability to reflect change in more or lessdynamic systems. The use of multiple indicator groups often result in multiple lines of evidence, thereby improving diagnostics and the ability to detect changes associated with multiple stressors (e.g. Stendera & Johnson, 2008a, b; Johnson & Hering, 2009) .
Fifth, the time lags of recovery after removal of the stressor(s) are highly variable in all four water categories, from months to many decades. Recovery depends on the type and magnitude of the stressor(s), especially if some are still present, and on the organism group(s) used to assess recovery. Delays in recovery can be attributed to several factors, and different water types are exposed to different combinations of stressors resulting in differences in response times. Furthermore, there needs to be agreement upon the restoration goals for the system and also what criteria will be used to determine attainment of the desired or targeted system (Simenstad et al., 2006) . For example, from the outset it should be stated whether a system is being restored merely for its abiotic features, its structural elements, i.e. the appropriate species or full functioning. We emphasise here that the attainment of a functioning ecosystem (e.g. self-sustaining population and communities undergoing all required interactions) is more important and more relevant to the definitions of recovery than merely achieving the presence of structural features (e.g. species presence).
A sixth point is that in freshwaters often restoration projects incorporate restoration of abiotic conditions to a fixed end-point, which either is a developmental stage or an ideal average condition. However, communities tend to be shaped by abiotic extremes and restoration planning should be shaped accordingly. Re-colonisation of a species is only likely when the entire scope, i.e. the maximum and minimum spatial extent and temporal duration of habitat use, is restored. Furthermore, extreme events (such as acidic episodes in streams) underlie the importance of refugia. Together with habitat enhancement, restoring refugia is one way of enhancing resistance to and resilience from both natural and anthropogenic disturbances, and may be critical to the survival and colonisation of target populations. Furthermore, a restoration outcome often comprises communities that need to develop over time, indicating the importance of incorporating the role of biological interactions in restoration planning.
It is difficult to judge the importance of shifting baselines as empirical data are largely lacking (but see palaeoecological studies of lakes). Even in the estuarine and coastal examples it is questionable whether the observed responses are due to alternative states or to other (overlooked or external) stressors. Often in many lake examples the latter is the case. However, there is little doubt that climate and global change will continue to affect recovery of aquatic ecosystems, the extent will depend on local factors, catchment properties and in particular, economic and societal developments.
This study emphasises a number of research priorities, including the need for:
• statistical understanding of ecological responses;
• more comprehensive and long-term monitoring to underpin quantitative assessment of management measures;
• quantitative assessments of cause-effect relationships during the recovery process; • case studies relevant to WFD targets; • specific knowledge on certain BQEs in certain water categories; • knowledge on maintenance, and recurring management; • knowledge on the most important factor(s) for recovery and their interactions; • knowledge on shifting baselines and thresholds.
In general, restoration ecology requires (based on amongst others, Shields et al., 2003; Jeppesen et al., 2005; Elliott et al., 2007; Miller et al., 2010; Palmer et al., 2010; Reitberger et al., 2010; Feld et al., 2011 ):
• agreement across habitats of the degradation and recovery trajectories and the case studies indicating the time scale for these under the action of different stressors; • definition of clear goals for restoration at the site and catchment scale that are based on recent biological and physico-chemical monitoring results and the distribution of targeted species or communities; • identification of best-practice restoration measures to address the specific pressures and the acknowledgement of the relative merits of active and passive recovery; • balancing all measures within a catchment in order to reach the best possible synergy effects of single component measures, and ultimately to achieve recovery of the entire catchment; • knowledge of indicators that can be monitored at the relevant (often large) scale and be relevant for the measure taken; • a monitoring design extracted from an experimental design that addresses the goals defined for restoration and that is likely to be successful at the large scale and in the long-term; • pre-restoration monitoring as a basis for monitoring of progress, and ultimately of success; • indication of the time span for each restoration measure to become successful; • monitoring of the post-restoration (abiotic) hydromorphological and biological developments based on before-after control-impact paired series surveys; • analysis of monitoring data according to state-ofthe-art statistical techniques to identify potential shortcomings and to help to develop new indicators that also cover restoration effects on processes and community functions; • development of predictive models to support the design of future restoration projects and to assess their potential to become successful.
Comparison of recovery between aquatic and terrestrial ecosystems is difficult due to fundamental differences in their physical environments (i.e. the relative prevalence of water and air) and current patterns of human impacts (Carr et al., 2003) . For example, some of the most profound differences are the large rate and extent of dispersal of materials, nutrients, organisms and their reproduction propagules in the relative 'openness' (longitudinal in rivers and within lakes or coastal waters) of aquatic systems. Nevertheless, some comparisons are possible. For instance, Prach et al. (2001) reached similar conclusions for spontaneous vegetation succession in terrestrial ecosystem restoration: (1) a plea for long-term research to better understand mechanisms, (2) studies of ecosystem function and key ecological processes, (3) extrapolating results in a landscape framework, (4) linking regional, local and community species pools and site conditions, (5) dispersal, (6) upscaling results to large geographical areas and (7) development of knowledge and GIS based expert systems towards the level of predictability of patterns and processes. Furthermore, they advocate setting clear aims, describing expected developmental processes and functioning, communicate with researchers, practitioners and authorities, including public awareness and last but not least monitoring.
In summary, restoration ecology is an emerging field, albeit with a longer history in terrestrial systems. The extensive body of aquatic literature reviewed here showed that restoration is a site, time and organism group-specific activity and that, as a consequence, generalisations on recovery processes are challenging. Despite the many studies in rivers, lakes and estuarine and coastal waters that provided theoretical frameworks, guidelines, research needs and issues that are important for restoration, only few studies provide evidence of how this ecological knowledge might enhance restoration success.
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